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Abstract  17 

A life cycle assessment (LCA) was performed on five commonly applied sewage sludge 18 

treatment practices: dewatering of mixed sludge (DMS), lime stabilisation of dewatered sludge (LIMS), 19 

anaerobic digestion of mixed sludge (ADS), dewatering of anaerobically-digested sludge (DADS) and 20 

incineration of dewatered anaerobically-digested sludge (INC). In the first four scenarios, the sludge 21 

residues were applied on agricultural land, while in the fifth scenario ash from sludge incineration was 22 

landfilled. It was found that the sludge treatment technology influenced in which processes C and N 23 

emissions happened. In general, the INC scenario performed better than or comparably to the scenarios 24 

with land application of the sludge. Human toxicity (non-carcinogenic) and eco-toxicity showed the 25 

highest normalised impact potentials for all the scenarios with land application. In both categories, 26 

impacts were dominated by the application of zinc and copper to agricultural soil. For the 27 

eutrophication potentials, different scenarios appeared beneficial depending on the receiving 28 

compartment in focus. The fate of P dominated freshwater eutrophication, while the fate of N had a 29 

profound effect on all non-toxic impact categories other than freshwater eutrophication. The sensitivity 30 

analysis showed that the results were sensitive to soil and precipitation conditions. The ranking of 31 

scenarios was affected by local conditions for marine eutrophication. Overall, the present study 32 

highlighted the importance of including all sludge treatment stages and conducting a detailed N flow 33 

analysis, since the emission of reactive N into the environment is the major driver for almost all non-34 

toxic impact categories. 35 

 36 

1. Introduction 37 

Plant nutrients such as nitrogen (N) and phosphorus (P), which are discharged with wastewater 38 

from urban areas, end up concentrated in sewage sludge when the wastewater is treated in a 39 

wastewater treatment plant (e.g. Qiao et al., 2011; Morée et al., 2013). Properly treated sewage sludge 40 

is therefore commonly applied to land as a fertiliser and soil conditioner, although the risk of soil 41 

contamination and pathogen transmission cannot be ignored (Singh and Agrawal, 2008). Part of the 42 

organic carbon (C) in sewage sludge is resistant to biodegradation in the soil, leading to C build-up in 43 

the soil that in turn contributes to climate change mitigation and soil quality improvement (Lal, 2004; 44 

Singh and Agrawal, 2008).  45 
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Life cycle assessment (LCA) is applied in order to quantify the environmental burdens and 46 

benefits of treating and utilising sewage sludge. Most studies included in a recent review by Yoshida 47 

et al. (2013) only address the environmental impacts associated with land application of sludge in 48 

rather simple terms, by including 1) the fuel requirement for bringing sludge to agricultural land and 49 

incorporating it into the soil, 2) the introduction of heavy metals onto agricultural land and 3) the 50 

avoided production of conventional mineral fertiliser due to its substitution by sewage sludge. 51 

Moreover, of the 28 reviewed studies that included land application, 14 studies included gaseous 52 

emissions associated with the land application of sludge (e.g. methane (CH4), nitrous oxide (N2O) and 53 

ammonia (NH3)), three studies included soil C storage, while four studies considered nutrient leaching 54 

and runoff. The most comprehensive sludge management studies have revealed that land application is 55 

a major contributor to global warming, eutrophication and acidification (Johansson et al., 2008; Peters 56 

and Rowley 2009; Brown et al., 2010; Hospido et al., 2010). The gaseous emissions data in most 57 

studies were either default national greenhouse gas emission factors proposed by the 58 

Intergovernmental Panel on Climate Change (IPCC, 2006) or default life cycle inventory data taken 59 

from the Ecoinvent database. This database is based on studies conducted in Switzerland and has not 60 

been specifically developed for the use of sewage sludge on land (Schmid et al., 2000, 2001).  61 

With respect to N leaching, sewage sludge behaves differently from the mineral fertiliser it 62 

substitutes since a sizeable part of the N in sewage sludge is organically bound and becomes available 63 

to plants continuously as it mineralises. However, mineralisation continues even when plants do not 64 

actively take up N for growth, leading to a higher loss of N to ground and surface water (Basso and 65 

Ritchie, 2005; Yoshida et al., 2015b). The rate of C and N mineralisation in sewage sludge after soil 66 

application is affected by the treatment of the sludge before land application. The more the sludge is 67 

stabilised prior to application, the likelier it is that C and N will remain in the soil for a prolonged 68 

period (Cabrera et al., 2005; Yoshida et al., 2015b).  69 

One way of addressing the emissions associated with land application of sewage sludge in a 70 

more consistent way is through the use of advanced agro-ecosystem models. These models simulate 71 

the turnover and movement of elements within the soil-plant systems and can be used to estimate 72 

relevant emission factors such as plant uptake, emission of greenhouse gases, nitrate leaching and C 73 

sequestration. Bruun et al. (2016) used the DAISY agro-ecosystem model to simulate long-term 74 

consequences of land application of a range of different sewage sludge types. The simulations were 75 
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based on the observed mineralisation patterns obtained in laboratory incubations of the different 76 

sludge types (Yoshida et al., 2015b) and were used to calculate emission factors directly applicable in 77 

life cycle assessments.  78 

The purpose of this study was to evaluate the environmental aspects of five sewage sludge 79 

management options. The assessment began with mixed sludge generated by a wastewater treatment 80 

plant (WWTP) it covered treatment and ended with the final application of the treated sludge on land 81 

or landfilling of ash from sludge incineration. The assessment was based on simulations conducted by 82 

Bruun et al. (2016). For C and N, long-term dynamics and emissions after land application were 83 

included in the assessment of sludge management, something that, to our knowledge, has not been 84 

done in LCA before. Furthermore, variations in emission factors according to soil type, crop 85 

production and regional weather conditions were neglected in nearly all previous studies. 86 

 87 

2. Methodology 88 

This study follows the methods delineated in the ISO 14040 standard for LCAs. The goal and 89 

scope definitions, life cycle inventory (LCI), life cycle impact assessment method (LCIA) and 90 

interpretation of the results are presented below. Supplementary Information (SI) is available online to 91 

provide details on assumptions, parameter values and data sources.  92 

 93 

2.1. Goal and scope definition 94 

The goal of this study was to assess the environmental profile of five sewage sludge treatment 95 

options when including technology-specific, long-term emissions after land application. The study was 96 

conducted for the purposes of research and the evaluation of the results was limited to a discussion of 97 

the fate of C, N and P and the major sludge treatment stages contributing to a selection of impact 98 

categories, with a reflection on the influence of local conditions on the impact potentials.  99 

The functional unit considered in this study was the treatment and disposal of 1000 kg of mixed 100 

sludge, consisting of 46.32 % primary sludge, 53.02 % thickened secondary sludge and 0.67 % fat, oil 101 

and grease. The mixed sludge that formed the starting point for this analysis is one of the outputs of the 102 

wastewater treatment process. The composition of the sludge was based on a sample taken at the 103 

Avedøre municipal wastewater treatment plant (WWTP) serving 256,000 inhabitants in the Greater 104 

Copenhagen area, Denmark (Yoshida et al., 2015a). 1000 kg of mixed sludge corresponds to the sludge 105 
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generated by 1.17 inhabitants in one year. A detailed description of the WWTP and the composition of 106 

the generated mixed sewage sludge is available in the SI of this paper (section SI-1). The total solid 107 

(TS) content of the mixed sludge was 3.4 % and the volatile solid (VS) content was 75.2 % of TS. In 108 

this study, the C in sewage sludge was considered biogenic in origin.  109 

An attributional LCA modelling approach was chosen since the primary goal was to evaluate 110 

the influence of long-term emissions after land application of sludge and associated uncertainties, and 111 

not to assess the potential impacts of introducing any changes into an existing system. The multi-112 

functionality problem was addressed by using system expansion, including electricity and chemical 113 

production for upstream processes and the production and use of substitutes (electricity, process heat 114 

and mineral fertiliser) for downstream processes.  115 

Five sludge treatment scenarios were considered:  116 

• DMS - dewatering of mixed sludge followed by land application  117 

• LIMS - lime addition to mechanically dewatered sludge followed by land application 118 

• ADS - anaerobic digestion of mixed sludge followed directly by land application  119 

• DADS - dewatering of anaerobically-digested sludge followed by land application 120 

• INC - incineration of dewatered anaerobically-digested sludge and landfilling of ash.  121 

These five sludge treatment scenarios were chosen because they are typical management 122 

options for centralised European municipal wastewater treatment systems (Fytili and Zabaniotou, 2008). 123 

It should be noted that DMS and LIMS are theoretical scenarios since all the sludge generated by the 124 

WWTP analysed in this study was anaerobically digested.  125 

The system boundaries of this study included all the processes taking place after the generation 126 

of mixed sludge up to its final land application or disposal in a landfill, including all emissions to air, 127 

water and soil (Fig. 1). The time horizon of the assessment was set at 100 years for both the emission 128 

inventory and the impact assessment. The geographical boundary of this study was Denmark and the 129 

reference year was 2011, the year in which most of the operational data were collected. Site and time-130 

specific information was used where possible. 131 

  132 

2.2. Life cycle inventory 133 

LCA modelling was conducted using EASETECH (Environmental Assessment System for 134 

Environmental TECHnologies), a mass flow-based LCA tool, which allows for a detailed modelling of 135 
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substance flows through the system and of the relationships between flows and emissions (Clavreul et 136 

al., 2014). In this study, EASETECH ver. 05.02.14 was used, while emissions embedded in the 137 

production of electricity, treatment chemicals (lime, NaOH, FeCl3, and polymer coagulant) and mineral 138 

fertiliser were taken from Ecoinvent 2.2 (SI-2).  139 

Emission and operational data for mechanical dewatering, anaerobic digestion, biogas 140 

utilisation and treatment of reject water were based on measurements from the Avedøre WWTP. For 141 

dewatering, it was assumed that a decanter centrifuge was used for mixed sludge and for anaerobically-142 

digested sludge (SI-3). No emissions from the dewatering process were assumed. The lime dosage rate 143 

and energy requirement for the mixer were based on data from the Staffanstorps WWTP in southern 144 

Sweden, and any loss of N during the lime addition process was assumed to be due to NH3 145 

volatilisation (SI-4). It was assumed that biogas generated from the anaerobic digestion process was 146 

used to generate electricity and process heat to maintain the temperature of the reactor (SI-5). Biogas 147 

production was assumed to be 650 Nm3 per tonne of volatile degraded solids (59.5 % methane (CH4) 148 

and 40.5 % carbon dioxide (CO2)) and a leakage rate of 3 % was assumed (Yoshida et al., 2014a, 149 

2014b). Emissions associated with biogas combustion were taken from Nielsen et al. (2010). 150 

The dewatering process was assumed to divert 42 % of N and 28 % of P contained in the sludge 151 

to the reject water. The reject water was sent back to the head of the WWTP, which is equipped to 152 

remove biological N and chemically precipitate P through the addition of iron salts (SI-6). The P 153 

removal efficiency in the WWTP was high, with more than 93 % of P in wastewater ending in the 154 

sludge and 7 % in the treated wastewater (effluent from the plant). In this study, a static approach was 155 

taken to model the treatment of reject water. In general, it was assumed that the pollutant removal 156 

efficiency of the wastewater treatment processes was the same for the treatment of the reject water and 157 

influent wastewater to the plant, and the treatment of the reject water was therefore not affected by the 158 

choice of sludge treatment technology. As 28 % of P in the initial mixed sludge was diverted to the 159 

reject water stream and it was assumed that 7 % of this was lost to the aquatic environment, 1.8 % of P 160 

in the initial mixed sludge was lost during reject water treatment.  161 

After land application, the fate of C, N and P was modelled. For metals, the assumption was 162 

made that all metals in dewatered mixed sludge and digestate were introduced to agricultural soil. For 163 

C in sludge and digestate, depending on the sludge type, 5-7 % was sequestered in the soil, as shown by 164 

the simulation results of Bruun et al. (2016). A small fraction of C was assumed to be emitted as CH4 165 
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(0.05 % of input C for fresh digestate and 0.01 % for the other sludge types (Ambus et al., 2001)). The 166 

remaining part of C applied to land was assumed to be converted to CO2 and emitted into the air. 167 

In accordance with Bruun et al. (2016), it was assumed that 15 % of the content of ammonical 168 

N (NH4
+ + NH3) in sludge and digestate was volatilised and lost as NH3 during spreading on land. As 169 

ammonical N constitutes a varying part of total N depending on the composition of sludge and 170 

digestate in the different scenarios, a varying share of total N was emitted as NH3. Some of the 171 

inorganic N applied to soil runs off to surface water or leaches through the soil profile below 3 m, 172 

primarily as nitrate (NO3
-). In addition, N2O is produced in nitrification and denitrification processes 173 

and emitted to the atmosphere. Emission factors for the application of the four different sludge types 174 

were taken from Bruun et al. (2016), assuming application on a sandy loam soil with a medium 175 

precipitation regime for European conditions. These emission factors were based on a 100-year 176 

extrapolation of the results from a sludge soil-incubation study by Yoshida et al. (2015b) using the 177 

DAISY dynamic agricultural model. The rate of CH4, NH3, NO3
- and N2O emissions and C 178 

sequestration in the soil was quantified by multiplying the mass flow of each substance with the 179 

corresponding emission or sequestration factor. Bruun et al. (2016) suggest two sets of environmental 180 

emission factors depending on the fertilising status of the soil: high crop response conditions and low 181 

crop response conditions. High crop response conditions appear when N is the limiting factor for plant 182 

growth in the agricultural system and they lead to large plant yield response when N is added. In this 183 

study, environmental emission factors for high crop response conditions were used, as it was assumed 184 

that sewage sludge was applied on an arable farm with a low N status due to the regulatory system in 185 

Denmark. Any possible increment in plant yields caused by the application of sludge other than the 186 

saved application of mineral fertiliser was ignored in the current study. Emission and sequestration 187 

factors used in the LCA modelling for the scenarios with land application are presented in SI-7.  188 

Phosphorus (P) applied with the sludge is primarily taken up by plants or bound to soil particles, 189 

but a small fraction ends up in water bodies, which was assumed to be 2.2 % of P added to the field 190 

(Kronvang et al., 2005).  191 

The environmental aspects of the avoided use of mineral fertiliser due to application of sewage 192 

sludge or digestate on land were modelled in two parts: i) avoided production of mineral fertiliser and 193 

ii) avoided emissions from the use of mineral fertiliser on land. In Denmark, the N fertiliser value of 194 

sewage sludge is considered to be 45 % of N in mineral fertiliser under the regulation on nutrient 195 
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management (Ministry of Environment and Food of Denmark, 2015). In other words, when calculating 196 

the amount of N fertiliser that can be applied to land according to the law, each kg-N of sewage sludge 197 

replaces 0.45 kg-N of mineral fertiliser. The Danish regulation does not provide a fertiliser replacement 198 

value for P in sewage sludge, but it does place a cap on how much N and P from sludge can be applied 199 

on land. Up to 170 kg-N ha-1 per year or 90 kg-P ha-1 over a period of three years can be applied from 200 

sludge. Sewage sludge is a P-rich organic fertiliser, so the amount of sludge that can be applied on land 201 

is limited by the maximum P application rate (30 kg-P ha-1 yr-1) rather than the maximum N application 202 

rate (170 kg-N ha-1 yr-1). This can be seen from the N:P ratio in the land-applied sludges, which varied 203 

between 1.08 and 1.54. As an example, if 30 kg P ha-1 of sludge with an N:P ratio of 1.5 were applied, 204 

only 45 kg N ha-1 would be applied along with the sludge. It was assumed that 1) the farmer applies the 205 

maximum organic fertiliser permitted under the P regulation, 2) the farmer does not add additional P in 206 

terms of mineral fertiliser, and 3) plant availability of sludge and digestate P is equal to mineral 207 

fertiliser P. The mineral P fertiliser substitution rate was determined by setting up a P balance for the 208 

crop rotation taking into consideration the recommended P fertiliser application rate for each crop and 209 

the application limit of 30 kg-P ha-1 yr-1 from sludge (Ministry of Environment and Food of Denmark, 210 

2006). The recommended P fertilisation was 21 % lower than the actual P application with sludge, 211 

resulting in a 79 % substitution of mineral P fertiliser. A detailed description of the calculations can be 212 

found in SI-7. There is no cap on the amount of potassium (K) application to soil and sludge has a low 213 

K content. Hence, a substitution rate of 100 % was applied to mineral K fertiliser. 214 

In the INC scenario, the incinerator was equipped with a sludge dryer. In order to make the 215 

sludge combustible, the solid content was increased to 35 % by using heat from the sludge incineration 216 

oven. Sludge incineration generates flue gas and ash. The sludge incinerator is equipped with an 217 

electrostatic precipitator, wet scrubbers for flue gas treatment and a sludge dryer, which recovers heat 218 

from the incinerator. Bottom ash from sludge incineration is landfilled, with leachate collection and 219 

treatment. More information about incineration can be found in SI-8. 220 

  221 

2.3. Life cycle impact assessment  222 

Mid-point impacts for ten impact categories were assessed in this study. These were human 223 

toxicity carcinogenic effects, human toxicity non-carcinogenic effects, ecotoxicity, freshwater 224 

eutrophication, marine eutrophication, terrestrial eutrophication, terrestrial acidification, particulate 225 



M
ANUSCRIP

T

 

ACCEPTE
D

ACCEPTED MANUSCRIPT

matter formation, climate change and photochemical oxidant formation. The choice of an LCIA 226 

method for each impact category was made based on the recommendations made in the International 227 

Reference Life Cycle Data System (ILCD) handbook, which provides a list of LCIA methods 228 

considered to be the best at the time the evaluation commenced (Hauschild et al., 2013). The 229 

normalisation reference was taken from Laurent et al. (2013) and is presented in SI-9, along with LCIA 230 

methods and normalisation references. In this assessment, the depletion of abiotic resources was not 231 

included. P is the main abiotic resource that can be recovered from the spreading of sewage sludge on 232 

land. The supply risk associated with P stems from geopolitical instability rather than the depletion of 233 

ore, and the currently recommended scarcity-based characterisation method (CML, 2013) does not 234 

adequately address the issue of P recovery. Instead, the total amount of P recovered from land 235 

application is discussed along with the fate of C and N through the target systems.  236 

 237 

2.3. Uncertainty analysis  238 

The robustness of the results was analysed on two levels. First, a contribution analysis was 239 

performed to identify the unit processes influencing the overall outcome of the analyses. Second, the 240 

effects of local conditions (soil and precipitation patterns) on the overall outcome of the assessment 241 

were explored by applying emission factors for nine different soil and precipitation combinations 242 

(combinations of a coarse sandy soil, a sandy loam soil and a clay soil with a Danish precipitation 243 

regime of on average 605 mm yr-1, a German regime of 563 mm yr-1 and a Dutch regime of 828 mm yr-
244 

1). Emission factors for these combinations were based on the simulations carried out by Bruun et al. 245 

(2016). 246 

 247 

3. Results and discussion  248 

 249 

3.1 Fate of C, N and P in the modelled sludge treatment processes 250 

 251 

3.1.1 Fate of carbon 252 

In relation to the fate of C, it was evident that anaerobic digestion of mixed sludge prior to land 253 

application reduced the amount of C applied on agricultural land (Fig. 2a). In these scenarios, a 254 

significant proportion of the C in the mixed sludge was removed with the biogas. When sludge was 255 
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only dewatered (DMS), more than 90 % of the C contained in the mixed sludge was field applied, 256 

whereas the rate dropped to 33-36 % when sludge was anaerobically treated (ADS and DADS). In the 257 

case of incineration (INC), more than 99 % of C was lost as biogas or emitted into the atmosphere 258 

during incineration, mainly as CO2 and with small fractions of CH4 and carbon monoxide (CO).  259 

 260 

3.1.2 Fate of nitrogen 261 

Sludge treatment only affected the fate of N in the LIMS scenario, in which lime stabilisation 262 

resulted in an N loss of 14 % as volatilised NH3 induced by high pH conditions (Fig. 2b). Biogas 263 

combustion led to the emission of reactive and non-reactive N. As the emissions of N2O and NOx were 264 

modelled as a fraction of biogas combusted, these were not directly linked to the N content in biogas, 265 

and were therefore not included in the expression of the fate of N in sludge. In total, 13 % of N 266 

contained in the sludge was lost during biogas utilisation and assumed to be emitted as non-reactive N. 267 

Incineration of anaerobically-digested sludge resulted in the additional emission of 50 % of the input N 268 

in the mixed sludge as N2, resulting in a total of 63 % of total N being emitted as non-reactive N during 269 

sludge treatment. 270 

The reject water after dewatering of mixed sludge contained 42 % of input N, while the reject 271 

water after dewatering of anaerobically-digested sludge contained 36 % of input N. In both cases the 272 

reject water was injected back into the wastewater treatment process, where 58 % of N contained in the 273 

reject water was removed as N2 through nitrification-denitrification and 9.3 % was emitted to surface 274 

water. In the ADS scenario, no dewatering took place, leading to land application of 87 % of N in the 275 

initial mixed sludge. Land application of N was lower in the other scenarios: 58 % in DMS, 44 % in 276 

LIMS and 50 % in DADS.  277 

Following land application, some of the N was lost to the surrounding environment in a reactive 278 

form (NH3 volatilisation, NH4
+ and N2O emission, NO3

- to surface water or NO3
- leaching to 279 

groundwater), some was lost in a non-reactive form with no environmental impact (N2 emission), and 280 

some was incorporated into plant biomass or stayed in the organic matter in the soil. The ADS scenario 281 

resulted in the highest proportion of reactive N lost to the environment when applied on land (36 % of 282 

N in mixed sludge). Dewatering of anaerobically-digested sludge prior to land application resulted in a 283 

reduction of more than 50 % in reactive-N losses (17 % of N in mixed sludge). Reactive N loss after 284 

land application for DMS was 19 %, while it was 29 % for LIMS. Crop N uptake and soil N storage 285 
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were highest for the ADS scenario with 23 % and 15 % of the initial N in mixed sludge respectively, 286 

followed by the DADS scenario (17 % crop uptake, 9 % storage). The lowest crop N uptake and soil N 287 

storage showed for the LIMS scenario, at 4 % and 7 % respectively.   288 

The removal of N is not considered a goal of sludge treatment, therefore scientific knowledge 289 

on the fate of N in the sludge treatment processes is limited. In a recent review on the effect of 290 

anaerobic digestion on the nutrient value of digestate, Möller and Müller (2012) found that the share of 291 

NH4
+ in total N increased by 10-33 %.  292 

 293 

3.1.3 Fate of phosphorus 294 

Phosphorus was emitted to the aquatic environment in two life cycle stages, namely in the reject 295 

water treatment and after land application (results not shown). In the ADS scenario, no dewatering took 296 

place and therefore all P contained in the sludge, 0.82 kg, was applied to agricultural land, with a loss 297 

of 2.2 %. For the scenarios with dewatering, approximately 0.015 kg P, 1.8 % of total P input, was 298 

emitted to the aquatic environment during reject water treatment. In the DMS, LIMS and DADS 299 

scenarios, 0.74 kg P was applied to agricultural land, while 2.0 % of total P input was emitted after land 300 

application. In this study, P recovery from sludge incineration ash was not considered, although some 301 

technologies do exist to extract and recover P from sludge ash (Donatello and Cheeseman, 2013). 302 

There is concern about the future supply of P since in current practice a considerable amount of 303 

P is wasted. As P is an essential and irreplaceable component for plants, animals and humans, use of P 304 

in a more sustainable way is necessary (European Commission, 2013). In the four scenarios with land 305 

application, P is recirculated, thus contributing to the sustainable use of P. 306 

 307 

3.2 Life cycle assessment  308 

Figure 3 presents the contribution of the different life cycle stages of the sludge treatments to 309 

impacts that are normalised to person equivalents (PE) for ten impact categories for the five scenarios. 310 

More detailed results regarding contributing processes can be found in SI-10 in the Supplementary 311 

Information. Impact potentials are presented for five unit processes that are central to the treatment 312 

scenarios, namely sludge treatment, reject water treatment, transportation, land application and 313 

fertiliser substitution. Sludge treatment refers to treatments that took place after the mixed sludge was 314 

formed in the WWTP, such as dewatering, lime addition, anaerobic digestion and incineration. Reject 315 
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water treatment included all the processes involved in wastewater treatment, as well as the downstream 316 

processes undergone by sludge formed from the treatment of reject water: sludge treatment, 317 

transportation, land application and fertiliser substitution.  318 

 319 

3.2.1 Toxicity 320 

Human toxicity non-carcinogenic and eco-toxicity showed the highest normalised impacts for 321 

all scenarios after land application. In both categories, impacts were dominated by the application of 322 

zinc (Zn) to agricultural soil, accounting for 65-70 % of the total ecotoxicity impact and 85-92 % of the 323 

total human toxicity non-carcinogenic impact. For ecotoxicity, copper (Cu) also contributed 324 

significantly to the impact (about 26-29 %). For human toxicity carcinogenic, the impact was two 325 

orders of magnitude smaller than for ecotoxicity and human toxicity non-carcinogenic. This is due to 326 

the fact that, in the present study, the amount of inorganic pollutants, which have carcinogenic effects 327 

on humans, was much smaller than the amount of metals, which have non-carcinogenic effects. The 328 

impact of human toxicity carcinogenic was dominated by mercury (Hg) and lead (Pb). Niero et al. 329 

(2014) assessed 460 WWTPs in Denmark and also reported high levels of human toxicity non-330 

carcinogenic and ecotoxicity following the application of Zn and Cu to agricultural land.  331 

Nonetheless, it should be noted that there are inherent problems in LCA toxicity impact 332 

assessments of Zn and Cu. As reported by Gandhi et al. (2011), the toxicity characterisation factor in 333 

USETox for Zn could vary by a factor of 3 to 8, depending on local conditions such as pH in soil. 334 

Furthermore, Cu and Zn are essential nutrients (Goyer, 2004). While low concentrations are positive 335 

for plant growth and the nutritional value of the harvested crop, higher concentrations could potentially 336 

have negative effects on human and ecosystem health (Van Assche et al., 1996). For this reason, the 337 

mass loading approach adopted by toxicity evaluations in LCAs might not be appropriate for capturing 338 

the toxicity impacts of these metals. In fact, the soils that will probably receive sewage sludge are more 339 

likely to have low concentrations of Zn and Cu because these soils are on arable farms without 340 

application of animal manure, which contains Zn and Cu (Brock et al., 2006; Richards et al., 2011). To 341 

address this issue in an LCA context, Pizzol et al. (2011) excluded the nutritionally essential metals 342 

listed by Goyer (2004) from the assessment. If the same approach were to be applied here, the 343 

normalised impact for human toxicity non-carcinogenic would decrease by approximately 92 % and 344 



M
ANUSCRIP

T

 

ACCEPTE
D

ACCEPTED MANUSCRIPT

ecotoxicity by approximately 99 % and, in this case, Hg and Pb would become the dominant metals of 345 

concern.  346 

The toxicity impacts for INC were 89-91 % smaller for human toxicity carcinogenic and 99.9 % 347 

smaller for human toxicity non-carcinogenic and ecotoxicity compared to the other scenarios. This is 348 

because there was no land application, the incinerator was equipped with state-of-the-art flue gas 349 

treatment processes and the ash was landfilled with state-of-the-art leachate collection and treatment 350 

systems.  351 

 352 

3.2.2 Eutrophication 353 

For the eutrophication potentials, varying scenarios seemed beneficial depending on the 354 

receiving compartment in focus: ADS showed the lowest freshwater eutrophication as no reject water 355 

treatment occurred in this scenario, INC showed the lowest marine eutrophication because nothing was 356 

land applied, and DMS, DADS and INC showed the lowest terrestrial eutrophication due to the absence 357 

of sludge stabilisation and the associated emissions of NH3 and absence of or low NH3 after land 358 

application. The net freshwater eutrophication was mainly caused by emission of P from the reject 359 

water treatment. After land application there was also a substantial contribution to freshwater 360 

eutrophication, but this effect was counterbalanced by avoided emissions from mineral P fertiliser 361 

replacement. The net marine eutrophication was highest for the LIMS scenario, with contributions from 362 

NH3 from lime stabilisation and NO3
- leaching and run-off after land application. The ADS scenario 363 

had the second highest marine eutrophication, due to large NO3
- leaching and run-off after land 364 

application. The net terrestrial eutrophication was highest for the LIMS scenario due to large NH3 365 

emissions from lime addition, followed by the ADS scenario, which showed the largest contribution 366 

after land application. The terrestrial acidification for the five scenarios analysed showed the same 367 

trends as terrestrial eutrophication, only having comparable or lower normalised impacts. 368 

 369 

3.2.3 Particulate matter and climate change 370 

The particulate matter formation  was almost negligible for the DMS scenario. It was highest 371 

for the LIMS scenario due to large emissions of particulate matter from lime stabilisation. 372 

Transportation and land application only contributed noticeably in the ADS scenario due to the 373 
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relatively large diesel combustion in these processes. For the scenarios with anaerobic digestion, SO2 374 

and NH3 emissions from biogas utilisation were the main contributors to particulate matter formation. 375 

The trend for climate change  appeared to be different from the other impact categories, as all 376 

five unit processes (sludge treatment, transportation, reject water treatment, land application and 377 

fertiliser substitution) associated with sludge management contributed to the overall impact within each 378 

scenario. In all scenarios (except for INC), land application contributed to climate change, mainly due 379 

to nitrous oxide (N2O) emissions during nitrification and denitrification processes in the fields. The 380 

N2O emissions were greatest for ADS. Furthermore, transportation of sludge contributed significantly 381 

to climate change in ADS due to the large volume of sludge being transported to the field in this 382 

scenario. Fertiliser substitution and anaerobic digestion of sludge contributed to savings in climate 383 

change. Savings related to fertiliser substitutions were mainly due to saved N2O emissions from the use 384 

of mineral fertiliser and avoided CO2 from the production of mineral fertiliser. As more N ended up in 385 

the fields in ADS compared to the other scenarios with land application, most mineral fertiliser was 386 

substituted in this scenario. Energy substitution through biogas utilisation contributed significantly to 387 

savings in climate change (ADS, DADS and INC). Climate change is an impact category often 388 

presented by previously published LCA studies on sewage sludge treatment, since reduction of the 389 

carbon footprint has been a focal point in many studies assessing sludge treatment alternatives 390 

(Yoshida et al., 2013). A range of impacts for climate change has been reported in previous studies: 391 

from 0.0015 to 0.002 PE for lime stabilisation and from -0.0015 to 0.0037 PE for dewatered sludge 392 

(Bridle and Skrypski-Mantle, 2000; Poulsen and Hansen, 2003; Murray et al., 2008; Peters and Rowley, 393 

2009; Hong et al., 2009; Brown et al., 2010; Hospido et al., 2010). The present study’s LIMS and 394 

DMS scenarios (0.0012 PE and 0.0035 PE) fell within the range reported by previous studies. 395 

Johansson et al. (2008) found that N2O emissions were the sole determining factor for climate change 396 

associated with nutrient recycling via sewage sludge utilisation in their analysis, whereas many other 397 

processes contributed to this in the present study’s model. 398 

 399 

3.2.4 Other impact categories 400 

The photochemical oxidant formation showed the lowest normalised impacts of all impact 401 

categories analysed. A noticeable impact was shown only for ADS, mainly due to NOx and NMVOC 402 
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(non-methane volatile organic compounds) emissions from diesel use during transportation and land 403 

application. 404 

While the fate of P dominated only freshwater eutrophication, the fate of N had a profound 405 

effect on all the non-toxic impact categories other than freshwater eutrophication. Terrestrial 406 

eutrophication and marine eutrophication both depend solely (100 %) on the emission of reactive N to 407 

the environment, while 25-100 % of terrestrial acidification, 12-97 % of climate change, 19-100 % of 408 

particulate matter formation and 54-80 % of photochemical oxidant formation were associated with 409 

reactive N emissions. For avoided impacts, the contribution of reactive N emissions was also 100 % for 410 

marine eutrophication and terrestrial eutrophication, while it was smaller for the other impact 411 

categories. For terrestrial acidification it ranged from 34 to 49 %, for climate change from 1 to 55 %, 412 

for particulate matter formation from 1 to 4 %, and for photochemical oxidant formation from 70 to 413 

86 % (SI-11). Anaerobic digestion and sludge incineration decreased the emission of reactive N to the 414 

atmosphere.  415 

In general, the INC scenario showed comparable (freshwater eutrophication, terrestrial 416 

eutrophication, particular matter formation, terrestrial acidification, climate change and photochemical 417 

oxidant formation) or lower (human toxicity non-carcinogenic, human toxicity carcinogenic, 418 

ecotoxicity and marine eutrophication) impacts than the scenarios including land application of sludge. 419 

Land application was the main contributor for the toxicity potentials and for freshwater eutrophication 420 

and marine eutrophication. However, these impact potentials were partly counterbalanced by the 421 

substitution of mineral fertiliser. In the ADS scenario, no reject water was generated and thus impacts 422 

from the dewatering and treatment of reject water were avoided. The LIMS scenario showed the 423 

highest impact potentials for marine eutrophication, terrestrial eutrophication, particular matter 424 

formation and terrestrial acidification due to emissions from lime stabilisation.   425 

 426 

3.3. Sensitivity to local conditions  427 

Figure 4 presents the results of the analysis in which emission factors for different local 428 

conditions across Europe (variations in precipitation and soil type) were evaluated in terms of impact 429 

potentials in marine eutrophication and climate change for the four scenarios including land application 430 

of sludge (scenarios DMS, LIMS, ADS and DADS). In some scenarios, variations in emission factors 431 

due to soil-precipitation combinations led to large differences in both marine eutrophication and 432 



M
ANUSCRIP

T

 

ACCEPTE
D

ACCEPTED MANUSCRIPT

climate change. The ADS scenario showed the greatest variation for marine eutrophication and climate 433 

change, depending on soil-precipitation combinations, with a factor 1.7 difference between the highest 434 

and lowest values. For marine eutrophication, the ADS scenario clearly showed the influence of the 435 

precipitation regime on marine eutrophication, with low precipitation (Germany) leading to the 436 

smallest impact potential and high precipitation (The Netherlands) leading to the greatest impact 437 

potential. 438 

The ranking of scenarios depended on the soil-precipitation combinations for marine 439 

eutrophication, with the DADS scenario performing best for all soil types and precipitation regimes, 440 

unless there was a low precipitation regime (Germany). With low precipitation on a coarse sandy soil 441 

and a sandy loam soil DMS performed best, while ADS scenario performed best on a clay soil in 442 

Germany. The LIMS scenario performed worst in almost all cases, apart from a medium or high 443 

precipitation regime on a coarse sandy soil. In these specific cases, the ADS scenario performed worst. 444 

The ranking of scenarios was not affected by soil-precipitation combinations for climate change. The 445 

DADS scenario always performed best, the ADS scenario always performed worst, and the DMS and 446 

LIMS scenarios performed equally and intermediately between ADS and DADS. After land application, 447 

mainly emissions of N2O contributed to climate change. As these values were fairly equal for the 448 

different soil and precipitation types, the climate change was not affected that much. The results 449 

indicate that local weather and soil conditions affected the results significantly. It is important to be 450 

consistent with the choice of inventory data since emission factors depend on sludge type (treatment 451 

prior to land application) and regional conditions (soil, climate etc.).  452 

 453 

4. Conclusions 454 

The current LCA pointed at human toxicity non-carcinogenic and ecotoxicity as being the 455 

impact categories of highest concern for sewage treatment technologies. The impact potentials were 456 

mainly caused by Zn and Cu application with the sludge. However, the impact assessment method 457 

inadequately accounted for the Zn and Cu content in the soil. These elements are essential plant 458 

nutrients and in small concentrations are necessary for optimal crop growth. In soils where no or only 459 

mineral fertiliser is applied, Zn and Cu could actually be in deficit in the soil. It was found that the 460 

sludge treatment technology shifted the timing of C and N emissions. For terrestrial eutrophication, 461 

terrestrial acidification and particular matter formation, emissions from sludge treatment (lime 462 
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stabilisation and anaerobic digestion) were the dominant contributors, while for the remaining 463 

categories (human toxicity non-carcinogenic, ecotoxicity, freshwater eutrophication, marine 464 

eutrophication, human toxicity carcinogenic and climate change), land application was the life cycle 465 

stage with the greatest impact potential, while fertiliser substitution accounted for the greatest impact 466 

savings. The INC scenario performed comparably to or better than the other scenarios including land 467 

application of sludge. This scenario in particular performed better for the human toxicity non-468 

carcinogenic, human toxicity carcinogenic, ecotoxicity and marine eutrophication impact categories. 469 

Dewatering of anaerobically-digested sludge reduced emissions of reactive N after land application, 470 

while the treatment of reject water resulted in the removal of N as N2 via nitrification-denitrification 471 

processes. Reject water treatment mainly contributed to freshwater eutrophication due to P loss in the 472 

effluent. Finally, it was evident that omitting land application or reject water treatment from LCA 473 

studies on sludge treatment, a frequently seen phenomenon, results in the improper depiction of the 474 

environmental performance of sludge management alternatives. Regional factors such as soil type and 475 

precipitation regime have a profound influence on marine eutrophication and climate change, with 476 

different ranking of scenarios for marine eutrophication, depending on the chosen conditions. Overall, 477 

the present study highlights the importance of including all sludge treatment stages and conducting a 478 

detailed N flow analysis, since the emission of reactive N into the environment is the major driver for 479 

almost all non-toxic impact categories.  480 
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639 

Figure 1. Unit processes included in the five sludge management options: DMS (mechanically 640 

dewatered mixed sludge followed by land application), LIMS (lime addition to mechanically dewatered 641 

sludge followed by land application), ADS (anaerobic digestion followed directly by land application), 642 

DADS (dewatered anaerobically-digested sludge followed by land application) and INC (incineration 643 

of dewatered anaerobically-digested sludge and landfilling of ash), T is transportation 644 

 645 

 646 
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 647 

Figure 2. Fate of carbon (A) and nitrogen (B) in mixed sewage sludge in the five management options: 648 

DMS (mechanically dewatered mixed sludge followed by land application), LIMS (lime addition to 649 

mechanically dewatered sludge followed by land application), ADS (anaerobic digestion followed 650 

directly by land application), DADS (dewatered anaerobically-digested sludge followed by land 651 

application) and INC (incineration of dewatered anaerobically-digested sludge and landfilling of ash) 652 
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 653 

Figure 3. Normalised impacts (in person equivalents, PE) of the five treatments reported for the five 654 

unit processes contributing to the sludge management options. The five sludge management options are 655 

DMS (mechanically dewatered mixed sludge followed by land application), LIMS (lime addition to 656 

mechanically dewatered sludge followed by land application), ADS (anaerobic digestion followed 657 

directly by land application), DADS (dewatered anaerobically-digested sludge followed by land 658 

application) and INC (incineration of dewatered anaerobically-digested sludge and landfilling of ash) 659 
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660 

Figure 4. Variation in marine eutrophication and climate change  caused by soil and precipitation 661 

combinations. The four sludge management options are DMS (mechanically dewatered mixed sludge 662 

followed by land application), LIMS (lime addition to mechanically dewatered sludge followed by land 663 

application), ADS (anaerobic digestion followed directly by land application), DADS (dewatered 664 

anaerobically-digested sludge followed by land application) and INC (incineration of dewatered 665 

anaerobically-digested sludge and landfilling of ash) 666 

Abbreviations:  667 

• CS: coarse sandy soil 668 

• SL: sandy loam soil 669 

• CL: clay soil 670 

• DK: Denmark, medium precipitation of 605 mm yr-1 671 

• DE: Germany, low precipitation of 563 mm yr-1 672 

• NL: The Netherlands, high precipitation of 828 mm yr-1
 673 
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Highlights  

• Five sludge treatment scenarios were compared using life cycle assessment 

• Sludge incineration led to lower or comparable impact potentials as land application 
• Toxicity showed highest normalized impacts due to land application of Zn and Cu 

• Sludge treatment technology influenced in which processes C and N emissions occurred 
• Inclusion of all treatment stages and performance of N flow analysis are important 

 


