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Abstract: Dose prediction tools making use of existing knowledge on the environmental behaviour of 
radiocontaminants are essential for justification and optimisation of recovery countermeasure strategies 
for contaminated inhabited areas.  In this context, one necessary requirement is to estimate the relative 
initial contaminant distribution on different types of surfaces in the environment and the resultant initial 
dose rates to humans staying in the environment.  This paper reports on the latest parametric refinements 
in this context for use in the ERMIN inhabited area dose model, which is an integral part of the European 
emergency management decision support systems ARGOS and RODOS.   

 

1. Introduction 

Prior to 1986, it was in general thought that any significant airborne environmental contamination resulting 
from nuclear power plant accidents would be restricted to rural areas very near the power plant. However, 
the Chernobyl accident demonstrated that inhabited environments and even cities at considerable 
distances from the release point could become strongly affected.  On the basis of the measurements and 
learning points after the Chernobyl accident, relatively simple calculation models were soon created to 
enable rough estimation of the external doses to urban and suburban populations (e.g., Crick & Brown, 
1989; Andersson, 1989).  Subsequently these models were integrated with the much more comprehensive 
map based decision support systems ARGOS (2018) and RODOS (2018), which are today support emergency 
arrangements in practically all European countries as well as in, e.g., Canada, Brazil and Australia.  Over the 
following decades, the common model for external dose in inhabited areas in the ARGOS and RODOS 
systems, known as the ERMIN (EuRopean Model for INhabited areas) model co-developed and coded at 
Public Health England (Charnock, 2018; Andersson et al., 2009; Charnock et al., 2009; Andersson et al., 
2008), has been developed and considerably refined, for example through extended studies of long-term 
natural weathering parameter components of contaminants on different types of surface, and conceptual 
improvements (including representation of weather conditions and contaminant characteristics).  Recently, 
the ERMIN databases were revised and updated again in the European projects PREPARE and CONFIDENCE 
to accommodate the newest available information, and expand the scope so that contaminant particles of 
a range of relevant characteristics can now be modelled (previously only two types could be modelled: 0-2 
µm and 2-5 µm; Jones et al., 2007), and also rough estimates of uncertainties of relevant parameters in 
ERMIN have been addressed.   This paper reports on the latest developments in relation to identification of 
the relative contamination levels on different outdoor surfaces in the inhabited environment and the air 
kerma rates that the presence of these contaminants would imply in different positions in an inhabited 
environment.  In part 2 of the paper, the post-deposition mobility of contaminants on/in these surfaces in 



the inhabited environment and the importance of all the described methods and parameters for external 
dose prognoses are dealt with.   

 

2. Materials and methods  

Model estimation of deposition of contaminants may be useful for several purposes in nuclear emergency 
management decision support, including rough early phase external dose prognoses when local 
measurements of deposits on different representative surfaces have not yet been made, drills and 
competence building training sessions to assess possible consequences of different contamination 
scenarios and possibly to dimension an operational preparedness accordingly (e.g., assess recovery 
capability and capacity).   

The deposition is greatly dependent on the physicochemical properties of the contaminants and the types 
and orientations of the surfaces in the inhabited area to which the deposition occurs (Andersson, 2009).  It 
should thus first be considered which physicochemical forms the various likely contaminants from a major 
NPP (nuclear power plant) accident could be expected to have.  A ‘consensus’ list of contaminants 
considered potentially important by Slovakia, France, Germany, Finland, Czech Rep. and USA for evaluation 
of radiological consequences in case of severe NPP accidents comprises (apart from noble gases) 
radionuclides of the following elements: Am, Ba, Ce, Cs, Cm, I, La, Mo, Nb, Np, Pu, Rb, Ru, Sb, Sr, Te and Zr 
(Andersson et al., 2013).  The physicochemical forms of these in future accidental releases will depend on a 
complex of processes and conditions during the release, and are difficult to predict.  However, the 
experience from history’s two large nuclear power plant accidents, the Fukushima and the Chernobyl 
accident, provide very useful information on what might be expected in some different types of scenarios, 
and for instance which sizes, materials and thus aerodynamic behaviour the produced aerosols might be 
expected to have under different conditions.   A literature search has been made in this study on the 
characteristics of radiocontaminants that might be released to the environment in a nuclear power plant 
accident, and on which relative initial contamination levels on different surfaces in the inhabited 
environment would be likely to occur for contaminants with different characteristics.   

By multiplication of initial relative contamination levels with dose rate conversion factors (dose rate in a 
given environmental location per photon emitted with a given energy per unit area of each contaminated 
surface), the initial relative dose rate contributions to persons staying in given types of inhabited areas 
from different contaminated surfaces in the area can be estimated.  Apart from drills and training purposes, 
detailed dose rate modelling is an essential requirement in estimating any future doses to people living in a 
contaminated area, as these can obviously not be measured (e.g., residual doses when considering 
different recovery intervention strategies on different contaminated surfaces; ICRP, 2007).  

After the contamination levels on different surfaces in an inhabited area from the passage of the 
contaminated plume have been estimated, an important next step in determining the associated long-term 
external doses to affected populations is to relate the contamination levels to dose rates to people present 
in different locations in different representative inhabited environments.  Depending on the types and 
energies of the radiation, and the positions of people in the environment over time in relation to 
contaminated and shielding surfaces, dose rates per unit surface contamination on a given surface can vary 



very widely.   Due to the geometrical complexity of inhabited environments with potentially highly shielding 
structures and, e.g., low-shielding window areas that can vary considerably in number, location and size, 
simple point kernel models are inadequate in predicting resultant dose rates (Jensen and Thykier-Nielsen, 
1989).  Instead, the Monte Carlo method can be used to randomly model the propagation in a given 
environment of a large number of individual photons and probabilistically track their paths as they collide 
with atoms and cause secondary radiation in the media they pass through.  Resultant dose rates can then be 
computed in various points in the environment, which might be occupied by humans.  The most widely used, 
extensively validated and suitable Monte Carlo code available for calculation of complex gamma fields is 
probably the MCNP developed at Los Alamos National Laboratory in the USA (Goorley et al., 2012; Lin et al., 
2011), and this was selected for the studies reported in this paper.  

 

3. Results 

3.1. Relative deposition of contaminants on different surfaces in inhabited areas 

To shed light on possible physicochemical forms of different contaminants potentially released in a nuclear 
power plant accident, the experience from the Chernobyl and Fukushima accidents was first assessed.   

The radionuclide composition of released contaminants will depend on the source, while contaminant 
characteristics such as particle/gas release fractions, particle size distribution, solubility and oxidation 
states will also depend on the release processes, in particular on the temperature, pressure and the 
presence of air/oxygen (Lind, 2006; Lind et al., 2009; Salbu, 2001).  

One of the most volatile contaminants (except noble gases) is iodine, which may be released in its 
elemental gas form (which has a very high deposition velocity to surfaces), in organic gas forms (where the 
deposition velocity is comparatively insignificant and thus in practice unimportant), and as condensed 
vapour on ambient aerosols, typically resulting in an AMAD (activity median aerodynamic diameter) in the 
range of 0.5-1 µm, which would have an intermediate deposition velocity (Andersson, 2009).  As expected, 
comparatively very high release fractions of iodine were reported  in connection with both the Chernobyl 
(0.2; IAEA, 1991) and Fukushima (0.1; IAEA, 2015) accidents.  Iodine aerosol spectra obtained at different 
distances after the Chernobyl accident show a perfect Gaussian distribution with no signs of bimodality 
(e.g., Reineking et al., 1987; Jost et al., 1986), with an AMAD of about 0.5 µm, which is slightly smaller than 
that of the corresponding Cs aerosol.  This iodine aerosol size distribution compares well with that 
registered after the Fukushima accident (Kaneyasu et al., 2012). However in these measurements the size 
distribution is a complete match with that for caesium, indicating that insignificant quantities of larger (fuel 
fragment) particles containing traces of caesium were at the times of measurement released at Fukushima.  
This suggests that the aerosol iodine can essentially be assumed to be purely condensed mode (on ambient 
particles).  This is in-line with the high solubility and initial post-deposition mobility recorded for all the 
deposited iodine from Chernobyl at different distances (see, e.g., Roed, 1990).  It should be noted that 
measurements by Hirose (2016) suggest that the Cs aerosol was over a limited period of time somewhat 
larger (1.5-1.8 µm), possibly reflecting significantly different processes of local ambient particle generation.  

At the other end of the volatility spectrum, in the Chernobyl accident,  contaminants of certain elements 
were only released to the atmosphere in the form of comparatively large low solubility fuel particles, 



indicating that these would in general be expected to be highly refractory (undepleted from the fuel).  
These elements  comprised 95Zr, 95Nb, 140Ba, 140La, 141/144Ce, 237/239Np, 238-242Pu, 241/243Am and 242/244Cm 
(Bobovnikova et al., 1990, Loschilov et al., 1992, Kuriny et al., 1993, Kashparov et al., 2003; Salbu et al., 
1994).  They were not reported after the Fukushima accident where the explosions were less powerful but 
it cannot be ruled out that future accident scenarios might lead to releases of fuel particles.  Apart from the 
fuel particles with sizes allowing them to follow air streams, part of the released fuel from the Chernobyl 
accident was in the form of either very large fuel fragments spread ballistically by the power of the release 
process, or very large conglomerates of nuclear fuel fused with melted zirconium (Kashparov et al., 2003).  
This part of the contamination was mainly in a form with a size range from several tens to more than a 
thousand microns (Kashparov et al., 2003), and mostly deposited within the nearest 2 km (Kashparov et al., 
2003) - a zone where it makes absolutely no sense to attempt to model the contaminant distribution 
through atmospheric dispersion modelling.  These huge particles/fragments, although probably locally 
dominant in some areas over very small distances, are estimated to contain only a small fraction of the 
total contamination (Kashparov et al., 1999).  It can thus be assumed that nearly all atmospherically 
dispersed particles carrying Zr, Nb, Ba, La, Ce, Np, Pu, Am and Cm are aerosol-sized fuel particles.  
Measurements made after the Chernobyl accident showed that the smallest of these particles (which 
reached great distances) had a size of about 4 µm (Reineking et al., 1987; Rulik et al., 1989, Mala et al., 
2013).  Kashparov et al. (1996, 1999) reported of a fuel aerosol particle median diameter of some 5-6 µm 
corresponding to a crystallite size of the fuel.   This actually seems consistent with results of smaller 
explosive tests (although clearly much less powerful) interacting on a matrix of uranium dioxide (Harper et 
al., 2007), where the smallest particles were found to be some 4 µm, but the greatest part of the 
aerosolised mass was in the ca. 5-20 µm range.  In addition to pure fuel (uranium oxides) particles, also fuel 
mixes with construction materials and fire extinguishing materials have been reported in the near zones 
after the Chernobyl accident, which could have a different environmental mobility (Dobrovolsky & Lyalko, 
1995; Lind, 2006).   

Relatively large fractions of Cs, Te and Rb (and somewhat smaller fractions of Sb and Mo) were released in 
the Fukushima accident (Le Petit et al., 2014) and the Chernobyl accident (IAEA, 1991), and these should, 
based on Chernobyl data (e.g., Bobovnikova et al., 1990, Loschilov et al., 1992, Kuriny et al., 1993) be 
expected to a considerable extent (probably somewhat less for Sb and Mo) to be volatilised from the fuel, 
forming submicroneous condensation particles.    In the Chernobyl case with powerful explosions, 
investigations by Kuriny et al. (1993) show that even at distances up to about 50-60 km in some directions 
from the Chernobyl NPP, most of the deposited caesium was in the form of fuel particles.  This agrees with 
results of experimental investigations of the effect of decontamination operations (water hosing on 
impermeable surfaces) carried out in Pripyat and hundreds of km away from the Chernobyl NPP, where the 
contamination was much easier removed in the nearest areas where it was associated with large low-
solubility fuel particles (Andersson, 2009).  The data of Salbu et al. (1994) show that the relationship 
between 90Sr and 137Cs in fuel particle deposition dominated areas was roughly 10 times higher than that in 
condensation particle deposition dominated areas.  This can be taken as an indication that the fuel particles 
may have been depleted about 10 times more with respect to Cs than with respect to Sr.  Some association 
with fuel particles could explain the slightly bimodal 137Cs aerosol distribution measured by Reineking et al. 
(1987) as far away as Göttingen in central Germany after the Chernobyl accident, clearly showing the 
presence of some supermicron particles, which would be expected to have low solubility (Andersson, 



2009).  Again, the depletion fraction would be expected to vary according to the exact accident scenario 
conditions.  The caesium aerosol measured after the Fukushima accident was generally submicron and 
characteristic of condensation mode (Kaneyasu et al., 2012), even though surprising processes some days 
after the start of the Fukushima accident also seem to have resulted in creation of some homogeneously 
caesium-containing spherical low solubility particles in the 2 µm range (Adachi et al., 2013).  Caesium has 
also been reported in association with particles of this size range with very high specific activity Ikehara et 
al. (2019). The quantity and thus significance of such particles has not been determined. In connection with 
the Chernobyl accident, single element particles (e.g., ruthenium, caesium) were recorded more than a 
thousand km from Chernobyl (Salbu, 1988), indicating the complexity of processes during the release.     

As for strontium, both fuel particle and small condensation aerosol fallout has been reported from the 
Chernobyl accident (Kashparov et al., 2003; Salbu et al., 1994).  In the Chernobyl 30 km zone Konoplev et al. 
(1993) and Askbrant et al. (1996) reported that 80-90 % of the strontium was associated with fuel particles.  
Even more than a hundred km away from the Chernobyl NPP, fuel particles constituted a significant part of 
the strontium contamination (Kuriny et al., 1992). The ‘duality’ of the fuel particles and condensation 
aerosols carrying strontium from the Chernobyl accident can be illustrated through the results of modified 
‘Tessier type’ sequential extractions (see Tessier, 1979) carried out on soils contaminated with Chernobyl Sr 
at various distances from the Chernobyl NPP (Salbu et al., 1994).  In the nearest investigated areas  (at 50 
km distance), by far the greatest part of the strontium in the soil was in strongly bound forms that could 
only be extracted with hydrogen peroxide or nitric acid, whereas in areas at greater distances (170-450 
km), by far the majority of the strontium was in much more easily soluble forms.   Parallel tests with stable 
Sr were employed to rule out effects of the different specific soil types.  It should be noted that since 89Sr, 
90Sr and 90Y cannot be determined in straightforward gamma spectrometry, but usually require chemical 
separation of strontium from other radionuclides in the sample, prior to radiometric analysis, they are 
‘inconvenient’ to study for instance in aerosol samples, where they have to a large extent been ignored 
both after the Chernobyl and the Fukushima accident (Steinhauser, 2014). However, even in the Fukushima 
case 90Sr contamination has been measured in the vicinity of the Fukushima NPP (Steinhauser et al., 2014) 
at reported levels of about 1 kBq/kg soil (note: as this figure was published without indications of the 
depth/dimensions of the soil sample taken, it only qualitatively indicates the presence of strontium).   

Ruthenium is special in that it has a very high elemental boiling point (2700°C), which would in practically 
any conceivable incident scenario prevent it from being volatilised and depleted from fuel material.  
However, if oxygen is present, it can be oxidised to its tetraoxide form, which is highly volatile (Kashparov 
et al., 1996; Hunt et al., 1994).  From the Chernobyl accident, ruthenium radionuclides were in great 
amounts dispersed as condensation particles.  This would be expected to have occurred in connection with 
the fire that followed the explosion.  In fact, more ruthenium than caesium was released in connection with 
the Chernobyl accident (IAEA, 1991), and this had a considerable impact on doses over the first few years 
(106Ru has a half-life of very close to 1 year).  The explanation offered by Le Petit et al. (2014) as to why only 
small amounts of ruthenium were measured in the environment after the Fukushima accident was that it 
seems that the fuel remained under water in the spent fuel pools (thus no air ingress).  Instead the low 
volatility of ruthenium is reported to be consistent with overheating and fuel melting of reactor cores.  
Oxidation could in reality occur in all accident scenarios currently represented in RODOS (Bujan, 2014).  
However, since this is a critical parameter, and oxidation obviously may not always be expected, it would 
be useful to run the DSS with different assumptions in this respect, both for training purposes and for early 



prognostic runs, when actual scenario specific processes have not yet been disclosed through 
measurements.  It is well known that ruthenium in irradiated UO2 fuel appears in small metallic alloy 
precipitations together with other fission product elements such as molybdenum, technetium, rhodium, 
and palladium (Ver et al., 2007).  Such precipitations are in metallographic images seen as generally 
spherical white inclusions.              

It is difficult to predict the physicochemical forms that would arise in any future nuclear power plant 
accidents, as these would be largely dependent on the exact inventory and accident processes at the NPP.  
Although for example the international Phebus Fission Product Programme (Gonfiotti and Paci, 2018) shed 
some new light on possible releases in different NPP accident processes, the results reflect specific 
conditions and do not provide the range of details needed in operational nuclear preparedness for a 
specific NPP construction.   However, perhaps in the future, results of such investigations could be used 
together with for example the Rapid Source Term Prediction (RASTEP) system (Knochenhauer, 2013), 
focusing on estimating the state of the specific NPP at the time of the accident using a Bayesian belief 
network to provide a probabilistic overview of possible accident states.  By estimating the processes at the 
NPP, also the physicochemical forms of the various potentially released contaminants could be estimated.  
In a recent publication Havskov Sørensen et al. (2018) comment on the requirements to do this.   

 

3.1.1. Dry deposition 

It is important to note that the background data for the derived deposition parameter values given in Table 
1 may possibly not reflect the full range of possible parametric variation, as they are generally taken from a 
limited number of actual sets of environmental observations of deposition velocity of elemental iodine and 
relevant aerosols with different AMADs on different surfaces in connection with the Chernobyl accident, 
the Fukushima accident and various experimentation (Atkins, 1967; Belot, 1977; Bonka, 1989; Bonka & 
Horn, 1980; Chamberlain, 1953; Chamberlain, 1967; Clough, 1975; Collins et al., 2004; Freer-Smith et al., 
2003; Garland, 2001; Horn et al., 1988; Jonas, 1984; Jonas & Vogt, 1982; Kashparov et al., 1999; Lai & 
Nazaroff, 2005; Little, 1977; McMahon & Denison, 1979; Mück et al., 2002; Nicholson, 1989; Nicholson & 
Watterson, 1992; Petroff, 2005; Roed, 1985; Roed, 1987; Roed, 1988; Roed, 1990; Schwartz, 1986; Sehmel, 
1973; Tschiersch et al., 2009;  Vargas et al., 2016; Watterson & Nicholson, 1996).  However, these relations 
between deposition on different surfaces in the same scenario are obviously associated with comparatively 
much less variation than would relations between deposition velocities in general to these surfaces.  

For example, deposition velocity depends on atmospheric stability.  It has been demonstrated that under 
moderately stable atmospheric conditions (e.g., night time with clear sky), the friction velocity will only be 
about half of its value under neutral conditions (Jensen, 1981).  This in turn means that the eddy diffusion 
part of the deposition velocity will be reduced to about a quarter (IAEA, 1994).   

Also wind velocity can greatly influence deposition velocity. It has been demonstrated (Ahmed, 1979) that 
between wind velocities of 2 and 14 m s-1, the deposition velocity of naturally occurring radioactive 
aerosols increases by about a factor of 3, both to smooth (e.g., filter paper) and rough (grass) surfaces.  It 
has also been shown (Freer-Smith et al., 2003; Slinn, 1982) that deposition velocities of ca. 0.8 µm particles 
to trees can increase by a factor of 3-4 between wind velocities of 3-9 m s-1.  Even at moderate wind 



velocities (< 5 m s-1), the deposition of particles on walls facing the wind direction can be several times 
higher than that on leeside walls, for particles of sizes between about 10-2 and 20 µm (Freer-Smith et al., 
2003).  As the particle size increases beyond about 20 µm, the influence of wind speed on deposition 
increases markedly, due to the significance of the inertial impaction mechanism (Ahmadi & Li, 1999).  
However, such large particles will in any case only remain airborne for short time, due to their large mass, 
and radionuclides associated with these would thus only contaminate rather small areas, depending on, 
e.g., the initial plume rise height (Hage, 1961; Ivanov, 2009).   

Finally, surface roughness is an important parameter.  An indication of this influence can be seen from 
measurements made in the Roskilde area after the Chernobyl accident.  Here deposition velocities to 
grassed surfaces varied rather widely (Roed, 1990) between 1.8 and 8.8 m s-1.  However, if the length of the 
grass is taken into account (by dividing with the grass mass per unit area), the results are consistent within 
10 %.  It should therefore be noted that grassed areas in inhabited environments must be well-defined with 
respect to roughness (grass length).  Differences of up to about a factor of 2 have been recorded (Lai & 
Nazaroff, 2005) for deposition velocities of 0.9-9.1 µm particles to vertical sandpaper surfaces, ranging from 
Sand 60 to Sand 220.  As shown in Table 1, dry deposition will vary to roof pavings of different materials 
having different roughness.    

Deposition to coniferous trees and deciduous trees in leaf would according to available literature be similar 
(Jonas, 1984).  However, during the winter period where deciduous trees are leafless, the deposition to 
these would be very low.  According to measurements made after the Chernobyl accident (Roed, 1988), the 
needles or leaves receive some 98 % of the bulk 0.7 µm aerosol deposition on a tree.  However, relatively 
not quite insignificant deposition velocities of trace particles have been reported to bare trees in forests 
(Höfken et al., 1981) (ca. 10-30 % of that to the same trees in leaf).  This is explained by a higher wind speed 
in a forest with bare trees, but this effect would not be expected to be relevant for single trees in an 
inhabited area (Jonas, 1984).  Only trees in leaf are thus considered in the table.  In the period where they 
are not in leaf, the deposition to these surfaces may be assumed to be comparatively negligible.  Note that 
in the surface contamination values for trees, shrubs, plants and grass in the tables of this report are given 
per projected area of ground covered by the vegetation canopy, and then normalised according to the 
contamination level value on the reference surface.   

Unfortunately, no measurements of deposition velocities on surfaces in inhabited areas were reported 
after the Fukushima accident.  

In the ERMIN model deposition on different surfaces in the inhabited environment is dealt with relatively to 
the deposition to a defined reference surface - in this case a newly shortcut lawn was selected (here a quick 
measurement the relationship between deposition on the grass and the underlying soil can also give a 
useful indication of the local extent of dry and wet deposition).  In ARGOS and RODOS, the deposition 
process to the reference surface is dealt with in the applied atmospheric dispersion model tool, and not in 
ERMIN.  ERMIN has been designed on the background of the Chernobyl and Fukushima experience to hold 
information for elemental iodine gas and for aerosols in four characteristic groups with different size ranges 
(AMAD less than 2 μm, 2 - 5 μm, 5 - 10 μm and 10 - 20 μm).  The initial surface contamination relations 
within each group are all assumed to be representable by normal distributions.  Typically reported values of 
the dry deposition velocity in units of 10-4 m/s to the reference surface are for these contaminant groups 
respectively of the order of for elemental iodine: 20, for 0-2µm aerosols: 4, for 2-5 µm aerosols: 7, for 5-10 



µm aerosols: 30 and for 10-20 µm aerosols: 130 (see references above), but case-specific factorial 
dependencies and thus overall uncertainties are large as explained above.   

 

 

Table 1. Values for deposition to different surfaces relative to that on the grassed reference surface, for 
situations when dry deposition dominates.  The term ‘sd’ denotes one standard deviation.  All distributions 
are assumed to be normal.  Values are given for elemental iodine gas and for particles with AMAD < 2 µm, 
2-5 µm, 5-10 µm and 10-20 µm.   

Surface Elemental 
iodine 

AMAD  
< 2 µm 

AMAD  
2-5 µm 

AMAD  
5-10 µm 

AMAD  
10-20 µm 

Mean sd Mean sd Mean sd Mean sd Mean sd 
Short grass* 1.0 Ref. surf. 1.0 Ref. surf. 1.0 Ref. surf. 1.0 Ref. surf. 1.0 Ref. surf. 
Bare soil 0.6 0.4 0.3 0.15 0.3 0.15 0.17 0.10 0.23 0.12 
Soil and short grass* 1.0 - 1.0 - 1.0 - 1.0 - 1.0 - 
Small plants* 0.8 0.5 1.4 0.7 1.6 0.8 1.0 0.5 1.2 0.7 
Trees and shrubs* 0.4 0.25 2.5 1.2 4.3 2.5 1.7 1.2 1.5 1.1 
Paved area 0.2 0.1 0.25 0.15 0.75 0.35 0.3 0.15 0.3 0.25 
Clay tile roof 1.5 0.3 0.8 0.1 3.0 0.8 1.9 0.5 1.5 0.4 
Concrete tile roof 1.8 0.4 1.0 0.2 4.0 1.0 2.2 0.6 1.6 0.4 
Fibre cement roof 1.6 0.3 0.9 0.1 3.6 0.9 2.1 0.5 1.6 0.4 
Silicon covered fibre 
cement roof 

1.0 0.2 0.7 0.1 2.5 0.6 1.7 0.4 1.4 0.4 

Glass roof 0.5 0.1 0.4 0.1 1.4 0.4 1.5 0.4 1.3 0.3 
Smooth metal roof 0.7 0.1 0.5 0.1 1.6 0.4 1.6 0.4 1.3 0.3 
External walls 0.15 0.1 0.03 0.02 0.07 0.04 0.1 0.07 0.05 0.03 

*Values given per area of ground covered by the vegetation. 

3.1.2. Wet deposition 

Table 2 shows estimates of the relative wet depositions to the different surfaces for each type of 
contaminant (again, the modelling of deposition to the shortcut grassed reference surface is, in ARGOS and 
RODOS, included in the atmospheric dispersion estimation tool).  Also shown in this table is the fraction of 
the deposition to each surface which is practically instantaneously carried away, e.g., to sewers, with run-
off water. Even during periods of strong rain, deposition to surfaces occurs through a combination of wet 
and dry deposition.  However, unless the rain is extremely light or brief during such a phase or only leads to 
slight contaminant scavenging from the plume (not assumed for this deposition weather category), wet 
deposition will clearly be the dominant contamination process.  Dry deposition contributions can thus be 
assumed to be negligible for the deposition weather category covered in this section.  The initial run-off of 
contaminants in rainwater during the wet deposition process may depend on the surface 
roughness/permeability/porosity and rainfall intensity immediately before as well as during the wet 
deposition episode (Bonka & Horn, 1980; Karlberg, 1986; Sartor et al., 1974; Shaw et al., 2006).  Further, 
the surface material type has been reported to be able to influence run-off through pH (Göbel et al., 2007).         

On roofs compared with the grassed reference surface, the rain intensity incident per unit roof area will be 
less by cos(v), where v is the roof angle. It is assumed that common roofs have a slope of between 0 and 45 
degrees.  The initial retention after wet deposition of a range of Chernobyl contaminants (134Cs, 137Cs, 103Ru, 
106Ru, 140La and 140Ba) with different physicochemical characteristics was recorded on different types of roof 



pavements with different slopes in Denmark following the Chernobyl accident (Roed, 1987).  Caesium, 
which is in cationic form retained selectively and strongly in many building materials (Andersson, 2009), 
seems to be somewhat more efficiently retained on the roof than other contaminants.  In general, the 
initial retention after the deposition process varies greatly with the roof material.   For a range of materials 
and radionuclides, in the region of one-sixth to half of the contaminants were instantaneously removed 
with the run-off rain water.  The exception from this was silicon-treated very smooth roofs with extremely 
low open porosity, where the run-off percentage was as high as 70-80 %.  The main cause of variation here 
was by far the roof material and not the roof angle nor the radionuclide.   Corresponding measurements 
made in Germany and the United Kingdom of wet-deposited Chernobyl radiocaesium on clay and concrete 
roofs showed similar values (Roed & Jacob, 1990; Sandalls & Gaudern, 1986).  It should be noted that 
contaminant run-off in rainwater is likely to be more dominant when the roof pores are already filled by 
rain than when contaminated rain falls on a dry roof (Roed, 1987).  Ritchie (1976) found that run-off from 
artificial surfaces in an urban area (e.g., roofs) would be virtually 100 % for all rainfall above an initially 
accumulated 3 mm, and if there has been rain within the previous hour the run-off will occur sooner. 

Wet contamination levels on walls would in general be expected to be low, but associated with some 
variation according to factors such as the wind speed and direction during the contaminating process.  In 
the Gävle area, which was wet-contaminated by the Chernobyl accident, a caesium contamination level on 
walls of slightly less than 1% relative to the reference surface was recorded in 1988 (Andersson, 1991).  
Figures reported by Roed & Jacob (1990) for the same location were by mistake somewhat higher (up to 
3%), as the contamination estimate for the grassed reference surface originated from a direct 
measurement, not allowing for contaminant penetration.   

Only a couple of weeks after the Chernobyl accident, the initial retention on street pavings of wet 
deposited contaminants was measured in Sweden (Karlberg, 1986; Karlberg, 1992).  It was found that at 
this point, some 40-70 % of the radiocaesium incident on asphalt and differently textured concrete street 
pavings had been removed, most likely to a very high extent already during the deposition phase, with the 
run-off water.  Somewhat less had been removed from rough concrete paving slabs.  Similar figures were 
found for the more refractory 140Ba and 110mAg that were according to Rulik et al. (1989) associated with 
particles with a size of several microns after Chernobyl, indicating that particle size within the range of 
interest has little influence on the fraction of contamination lost with run-off water.  Also Jacob et al. (1990) 
reported results of measurements of wet deposition of Chernobyl caesium, on different urban pavings in 
Germany.  After 32 days, 28-32% of the caesium remained on concrete pavings, and 36% in an asphalted 
parking lot.   A measurement after 40 days in an asphalted square showed 32% retention.  In a different 
area, the retention on concrete pavings after 160 days was found to be 33%.  By extrapolation from the 
curves obtained for the different locations, it could be estimated that the initial retention was in the 
German region of 35-50%. 

Experience with non-radioactive pollutants demonstrates that rain often leaves comparatively little 
contamination on vegetation (Gravenhorst & Höfken, 1982).  The deposition before run-off for trees is 
interpreted as the deposition per unit ground area covered by the tree.  Contaminants in the precipitation 
above the tree canopy will either be intercepted by the tree, lost by throughfall (falling directly through leaf 
gaps or dripping from leaves, needles, twigs and branches), or lost by stemflow (flow down stems or boles).  
It has been reported (Alexander & Cresser, 1994) that both for birch trees (Betula pubescens) and pine 



trees (Pinus sylvestris L.) the throughfall precipitation fraction is some 80% of the incident precipitation.  
This is an average figure for a two-year study in the English Midlands, in an area with an annual 
precipitation of 930 mm.  The interception was greatest for the pine tree during summer.  This is in 
agreement with findings of other workers of 80-90% throughfall and 2-5% stemflow (Carlyle-Moses, 2004; 
Kryshev, 1996; Neal et al., 1993; Pryor & Barthelmie, 2005).  However, contaminants do not follow the 
water fractions evenly.  Ronneau et al. (1987) reported that for Belgian spruce contaminated by a 7.4 mm 
rainfall episode after the Chernobyl accident significantly less ruthenium and lanthanum than caesium was 
intercepted. The explanation offered was biological absorption, e.g., by caesium exchange with potassium.  
It is also known that the rate of penetration of cations through the cuticle of vegetation is inversely related 
to the radius of the ion, and thus strongly favours caesium (Carini & Bengtsson, 2001).  Similar figures have 
been reported by other workers for caesium on spruce, whereas deciduous trees have somewhat lower 
caesium interception (Schell et al., 1996).  Schimmack et al. (1991) have reported a caesium interception 
fraction of 20% for beech trees.  Deciduous trees would in winter conditions be expected to intercept 
considerably less than indicated by the numbers in Table 2.  A rain interception fraction for a leafless pear 
tree has been reported, which was about half of that of an evergreen oak (Xiao et al., 2000).  The same 
workers stress that interception fractions vary significantly dependent on factors like the structure of the 
tree and amount of rainfall.   

Small plants would in general in the context interception be expected to be well represented by agricultural 
crops, due to sizes, shapes and textures.   It has been reported that interception fractions will depend on 
the amount of rainfall, and plant type, as well as the stage of plant development (Müller & Pröhl, 1993).  It 
would seem that a likely interception range relevant to urban small plants would be 10-30% for most 
radionuclides (IAEA, 1994; Schell et al., 1996).  This would correspond to assuming a leaf area index value of 
about 5; retention coefficient of 0.2-0.3 mm, and rainfall of 4-10 mm (Müller & Pröhl, 1993).  The leaf area 
index is the total one-sided leaf canopy area per projected area ground covered by the plant. 

For relatively short urban grass, the leaf area index would be of the order of 1-3 (Kammann et al., 2005; 
Müller & Pröhl, 1993; Rodriguez et al., 1999), and the retention coefficient would be 0.2 mm for most 
radionuclides (Müller & Pröhl, 1993).  With the same assumptions as for small plants regarding rainfall, this 
would give the retention/run-off expressed by the values in Table 2 (Müller & Pröhl, 1993).   

 

 

 

 

 

 

 

 



Table 2. Values for initial deposition to different surfaces relative to that on the grassed reference surface, 
for situations when wet deposition dominates.  The term ‘sd’ denotes one standard deviation.  Also given 
are the fractions of the contaminants that immediately run off the surface with rain water during the 
deposition process.   

Surface Elemental 
iodine 

Cationic 
caesium 

Other 
contaminants 

Elemental 
iodine 

Cationic 
caesium 

Other 
contaminants 

Rel. deposition Rel. deposition Rel. deposition Runoff fraction Runoff fraction Runoff fraction 
Mean sd Mean sd Mean sd Mean sd Mean sd Mean sd 

Short grass* 1 - 1 - 1 - 0.9 0.1 0.8 0.1 1 0.2 
Bare soil 1 - 1 - 1 - 0 - 0 - 0 - 
Soil and short grass* 1 Ref. 

surf. 1 Ref. 
surf. 1 Ref. 

surf. 0 - 0 - 0 - 

Small plants* 1 - 1 - 1 - 0.99 0.01 0.7 0.2 0.8 0.2 
Trees and shrubs* 1 - 1 - 1 - 0.99 0.01 0.5 0.3 0.8 0.2 
Paved area 1 - 1 - 1 - 0.97 0.03 0.55 0.15 0.55 0.15 
Clay tile roof 0.8 0.2 0.8 0.2 0.8 0.2 0.99 0.01 0.3 0.04 0.35 0.05 
Concrete tile roof 0.8 0.2 0.8 0.2 0.8 0.2 0.99 0.01 0.4 0.05 0.45 0.06 
Fibre cement roof 0.8 0.2 0.8 0.2 0.8 0.2 0.99 0.01 0.15 0.02 0.18 0.02 
Silicon covered fibre 
cement roof 0.8 0.2 0.8 0.2 0.8 0.2 0.99 0.01 0.8 0.1 0.9 0.1 

Glass roof 0.8 0.2 0.8 0.2 0.8 0.2 0.99 0.01 0.95 0.05 0.95 0.05 
Smooth metal roof 0.8 0.2 0.8 0.2 0.8 0.2 0.99 0.01 0.9 0.07 0.9 0.07 
External walls 0.01 0.01 0.01 0.01 0.01 0.01 0 - 0 - 0 - 

*Values given per area of ground covered by the vegetation. 

 

3.1.3. Equal amounts of wet and dry deposition 

ERMIN also operates with a case, where contributions of wet and dry deposition are of approximately the 
same magnitude.  Since precipitation is very effective in washing out contaminants from a plume, this case 
would be associated with very little rain, and comparatively rather little contamination would be removed 
with the run-off water during the deposition process. This is for instance clear from investigations in areas 
in Russia, which received some rain as the contaminated plume carrying primarily caesium condensation 
particles passed from Chernobyl.  Here, dry deposition rarely contributed more than one or two percent to 
the total deposition on the reference surface (Andersson et al., 2002).  It would thus in most cases only 
take very little precipitation during the plume passage to make wet deposition the dominant mechanism of 
contamination.  Table 3 shows estimates of the relative depositions to the different surfaces for each type 
of contaminant assuming that half of the deposition is wet and the other dry (simple averaging with 
parameters described above).  Also the fractions of the deposit removed by run-off water during the 
contamination process are estimated on the basis of the same literature as used for the wet deposition 
mode, but assuming very little water.   The rainfall rate is here assumed to be well below 1 mm per hour.  
Experimental and theoretical work has demonstrated that at low precipitation values (< ca. 0.5 mm), the 
majority of a contamination deposited in solution on a grassed area will remain on the grass (Bonka & 
Horn, 1980).   

Other modes of deposition (e.g., deposition in fog, deposition in snow and deposition to snow covered 
landscape) still remain to be implemented in the ERMIN model, although some parametric reviews have 
been conducted.  



 

Table 3. Values for initial deposition of different contaminant groups to different surfaces relative to that 
on the grassed reference surface, for situations when wet and dry deposition are about equal in magnitude.  
The term ‘sd’ denotes one standard deviation.  Also given are the fractions of the contaminants that 
immediately run off the surface with rain water during the deposition process.   

Surface Elemental 
iodine 

AMAD  
< 2 µm 

AMAD  
2-5 µm 

AMAD  
5-10 µm 

AMAD  
10-20 µm 

Elemental 
iodine 

Cationic 
caesium 
(<2 µm 
fraction) 

Other 
contaminants 

Rel. 
deposition 

Rel. 
deposition 

Rel. 
deposition 

Rel. 
deposition 

Rel. 
deposition 

Runoff 
fraction 

Runoff 
fraction 

Runoff 
fraction 

Mean  sd Mean  sd Mean  sd Mean  sd Mean  sd Mean  sd Mean  sd Mean  sd 
Short 
grass* 

1.0 Ref. 
surf. 

1.0 - 1.0 -- 1.0 - 1.0 - 0.3 0.1 0.2 0.1 0.2 0.2 

Bare soil 
 

0.8 0.2 0.7 0.2 0.7 0.2 0.6 0.2 0.6 0.2 0 - 0 - 0 - 

Soil and 
short 
grass* 

1.0 - 1.0 Ref. 
surf. 

1.0 Ref. 
surf. 

1.0 Ref. 
surf. 

1.0 Ref. 
surf. 

0 - 0 - 0 - 

Small 
plants* 

0.9 0.3 1.2 0.4 1.3 0.4 1.0 0.3 1.1 0.4 0.3 0.3 0.1 0.1 0.15 0.15 

Trees and 
shrubs* 

0.7 0.2 1.8 1.0 2.5 1.0 1.4 0.7 1.2 0.6 0.3 0.3 0.05 0.05 0.15 0.15 

Paved 
area 
 

0.6 0.1 0.7 0.2 0.9 0.2 0.7 0.1 0.7 0.1 0.3 0.3 0.05 0.05 0.05 0.05 

Clay tile 
roof 

1.2 0.8 0.8 0.3 1.8 0.5 0.3 0.4 1.2 0.4 0.3 0.2 0.1 0.06 0.1 0.06 

Concrete 
tile roof 

1.5 0.9 0.9 0.3 2.4 0.6 1.5 0.4 1.2 0.3 0.3 0.2 0.2 0.1 0.2 0.1 

Fibre 
cement 
roof 

1.3 0.8 0.8 0.3 2.2 0.5 1.5 0.4 1.2 0.3 0.3 0.2 0.03 0.02 0.03 0.02 

Silicon 
treated 
fibre 
cement 
roof 

1.4 0.8 0.7 0.2 1.7 0.4 1.3 0.3 1.1 0.2 0.5 0.3 0.4 0.2 0.4 0.2 

Glass roof 
 

0.7 0.2 0.5 0.1 0.7 0.2 0.6 0.2 1.0 0.3 0.6 0.5 0.6 0.2 0.6 0.2 

Smooth 
metal roof 

0.9 0.2 0.6 0.2 1.2 0.3 1.2 0.3 1.1 0.3 0.6 0.6 055 0.2 0.55 0.2 

External 
walls 

0.07 0.05 0.02 0.015 0.04 0.03 0.06 0.04 0.03 0.02 0 0 0 - 0 0 

*Values given per area of ground covered by the vegetation. 

 

3.2.  Dose rate conversion factors for different locations in inhabited areas 

Currently, the ERMIN model largely relies on a series of Monte Carlo computed dose rate conversion factors, 
which date more than 30 years back (Meckbach et al., 1988).  The dose rate conversion factors were 
calculated for essentially four different types of inhabited environment, ranging from detached suburban 
houses of light construction to urban centres with 4-storey brick buildings with relatively thick walls.  Since 
then, only a few specialised environments have been added to the ERMIN dose rate conversion factor 
database, involving industrial buildings and supermarkets (Kis et al., 2004).  However, there are still a number 
of typical European inhabited environments that would not be well described by any of the data currently in 
the database.  For instance, city centres contain many tall buildings of modern construction (e.g., with much 



glass).   Therefore, dose conversion factors for a modern tall urban glass front construction house were 
calculated and will be published separately (Hinrichsen & Andersson, 2018).    

The applicability of the Monte Carlo calculation code MCNP6 (Goorley et al., 2012) in calculating 
shieldingfactors for inhabited environments was validated through comparison with in situ measurements in 
the inhabited environment being modelled (Hinrichsen et al., 2018).  Generally, a comparison between 
computed and determined dose rate factors (or shielding factors) for different target points for a 
contamination of 134Cs and 137Cs on different surfaces gave an average ratio of 1.02 ± 0.05.  Among other 
processes the MCNP6 code accounts for photon creation and loss through bremsstrahlung, p-annihilation, 
fluorescence, Compton scattering, pair production and photon capture (Goorley et al., 2012). The code allows 
the definition of complex three-dimensional geometries through a combinatorial geometry technique. The 
regions in space were constructed by logical combination (union, intersection, difference) of elementary 
geometric bodies and surfaces. 

A new re-calculation has been made with the MCNP6 code of one of the scenarios for which dose rate 
conversion factors were reported more than 30 years earlier by Meckbach et al. (1988) on the basis of Monte 
Carlo modelling using the code SAM-CE.  The house type and the surfaces and neighbouring buildings (see 
Figure 1) were modelled based on the data published by Meckbach et al (1988), who also provided, e.g., highly 
detailed descriptions of the assumed construction materials with dimensions, material specifications and 
densities.   Atomic composition data of the different materials were added from a compilation by Pacific 
Northwest National Laboratory (McConn et al., 2011). The MCNP6 calculations were carried out using the 
cross section data set (ENDF/B-VII.0; Chadwick et al., 2006) that had been validated in comparison with in situ 
measurements for a different housing environment as described above.  The source and detector regions 
were defined according to the data given by Meckbach et al. (1988). The number and energies of any radiation 
passing through the detector regions were scored and by using conversion coefficients (ICRP, 2010) 
transferred to kerma free-in-air at the end of the calculation.   

 

 

 

Figure 1. Birds-eye view of the semidetached house without (left) and with (right) neighbouring buildings. 
The spheres indicate the position of the trees. 



 

The calculated air kerma values per photon emitted per unit source area were compared to those published 
at GSF (Meckbach et al., 1988). The ratios of the two data were calculated for different source and detector 
areas and averaged over three different photon energies – 0.3 MeV, 0.662 MeV and 3.0 MeV (Table 4).  The 
new calculations only comprise indoor detection positions, as the publications of Meckbach did not disclose 
the positions assumed for detection in outdoor locations.  Note that Meckbach only calculated the 
contribution to kerma from contamination on trees for the scenario with neighbouring buildings, and thus for 
comparison the new calculations were made in accordance with this.  

 

Table 4. Ratios of newly calculated air kerma rate conversion factors  divided by those previously reported 
by Meckbach et al. for the same scenario.  Figures are given according to source and detection area. 

  Detection area 
  Basement Ground floor First floor Attic 

So
ur

ce
 

On the house: 
Windows 1.11 0.41 0.78 0.68 
Walls and doors 0.36 0.41 0.16 0.23 
Roof 1.01 0.82 0.92 1.06 
Without neighbouring buildings: 
Ground 0.51 0.37 0.27 0.81 
With neighbouring buildings: 
Ground 0.42 0.36 0.13 0.13 
Neighbouring buildings 0.35 0.22 0.35 0.53 
Trees 0.38 0.28 0.06 0.24 

 

Naturally, part of the difference may be attributable to differences in assumptions regarding atomic 
compositions of materials, which were not specified in the old publication.  However, the rather substantial 
differences between the calculations for particularly walls and doors show that something more 
fundamental may be at play, possibly due to the old and perhaps incorrect cross-section libraries that were 
used with the SAM-CE code.  The wall material in this case provides better shielding against radiation than 
does the roof, and comparatively smaller radiation tallies would thus be scored, and longer computing time 
required for a good result.  However, the code provides ten statistical tests that are performed on each 
defined detector region. Those tests are a valuable tool to ascertain the statistical quality of the respective 
results. 

Also estimates of contributions to the air kerma from radiation from neighbouring areas (where 
comparatively small radiation tallies would also be expected) are generally not in good agreement.  The 
results of the new calculations of kerma rate conversion factors in the format applied by Meckbach et al. 
(1988) and used in the ERMIN data libraries are reported in Tables 5-7 for the photon energies 0.3 MeV, 0.662 
MeV and 3.0 MeV.  

 



Table 5.  Contribution of the various deposition areas to the kerma at several locations inside a semi-detached 
house for a source energy of 0.3 MeV in pGy per ɣ mm-2. 

  Detection area 
  Basement Ground floor First floor Attic 

So
ur

ce
 

On the house: 
Windows 0.026 2.8 6.2 1.5 
Walls and doors 0.008 4.0 1.4 1.2 
Roof 0.116 7.3 24.0 84.0 
Without neighbouring buildings: 
Ground 0.013 13.6 10.4 29.8 
With neighbouring buildings: 
Ground 0.004 8.8 2.6 3.1 
Neighbouring buildings 0.001 1.0 1.9 3.9 
Trees 0.002 1.4 0.3 0.7 

 

Table 6. Contribution of the various deposition areas to the kerma at several locations inside a semi-detached 
house for a source energy of 0.662 MeV in pGy per ɣ mm-2. 

  Detection area 
  Basement Ground floor First floor Attic 

So
ur

ce
 

On the house: 
Windows 0.159 6.2 20.5 4.0 
Walls and doors 0.054 7.9 3.0 3.5 
Roof 0.753 17.5 57.5 198.8 
Without neighbouring buildings: 
Ground 0.060 31.0 19.4 73.1 
With neighbouring buildings: 
Ground 0.020 18.9 5.3 7.7 
Neighbouring buildings 0.007 2.3 4.2 12.1 
Trees 0.012 3.2 0.5 1.9 

 

Table 7. Contribution of the various deposition areas to the kerma at several locations inside a semi-detached 
house for a source energy of 3.0 MeV in pGy per ɣ mm-2. 

  Detection area 
  Basement Ground floor First floor Attic 

So
ur

ce
 

On the house: 
Windows 2.37 20.9 66.2 14 
Walls and doors 1.10 23.1 11.0 19 
Roof 9.79 69.3 218.3 722 
Without neighbouring buildings: 
Ground 0.95 108.2 46.4 416 
With neighbouring buildings: 
Ground 0.71 59.8 16.7 31 
Neighbouring buildings 0.15 7.9 14.5 66 
Trees 0.31 11.2 1.2 9 



As the contamination migrates downward in permeable surfaces (soil), the soil above it will shield against the 
radiation it emits, but in the calculations behind the kerma factors in the above tables, it is assumed that all 
contamination is on the very surface.  The factors thus need to be modified according to contamination penetration 
depth in the soil.  As shown in part 2 of the paper, ERMIN can dynamically calculate the contamination level at 
different soil depths.  A series of pre-calculated modification factors are used to take into account the influence 
on kerma rate of contaminant penetration at different depths in the soil (Charnock, 2018; Andersson et al., 2008). 

 

Conclusions 

The latest developments for the inhabited areas dose estimation model, ERMIN, which is integrated in the 
European decision support systems ARGOS and RODOS, are described with respect to two important parameters: 
the relative contamination level on different surfaces in the inhabited environment and the conversion factor from 
contamination level to dose rate.   

An overview is given of primary contaminants with different physicochemical forms produced in the Chernobyl 
and Fukushima accidents.  It should be noted that future accidents would be likely to have different features and 
might lead to different types of contaminants.  Nevertheless, the lessons from these two major accidents are of 
great importance.  On the basis of available knowledge, the relative deposition of various groups of possible 
contaminants on the different surfaces in the inhabited environment is estimated.  This is an essential requirement 
in predicting initial dose rates to inhabitants from different contaminated surfaces in representative housing 
environments.  The tables in this paper show that the relative distribution of contaminants on different surfaces 
can vary considerably according to the physicochemical form (notably elemental iodine gas fraction, aerosol 
sizes) of the contaminants. Although rough estimates of the expected variation in these parameters are given, it 
should be noted that ARGOS and RODOS currently do not have inherent options for full visualisation of the 
implications of uncertainty/variation of such parameters.   

The other requirement in predicting initial dose rates in different environmental positions is reliable dose rate 
conversion factors for different types of inhabited areas.  The MCNP6 Monte Carlo radiation transport estimation 
system, which was recently experimentally validated for dose rate estimation in inhabited areas, was used to re-
calculate the ca. 30 year-old dose rate (kerma rate in air) conversion factor estimates (made with the Monte Carlo 
code SAM-CE) for one of the standard inhabited environments integrated in the European decision support 
systems.  The new dose rate factors differed significantly from the old ones, particularly when the radiation passed 
through substantial masses like outer house walls.  The number of tallies seems to have been adequate in both 
cases (judged from code statistics), and thus not the problem.   The explanation might possibly lie in the 
programming (where MCNP is probably the most widely used and validated of all such codes), and could also 
reflect differences in cross-section data libraries or unreported case-specific assumptions.  The new dose rate 
conversion factors are reported for use in the decision support systems.        

The parameter requirements in predicting future time-integrated doses on this background are dealt with in the 
second part of the paper.   
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